INTRODUCTION
Agricultural intensification has allowed mankind to feed the growing world population but is also one of the main drivers of worldwide biodiversity decline (e.g. Donald et al. 2001; Benton et al. 2002; Kerr & Cihlar 2004; Green et al. 2005) . Extinction rates are now 100-1000 times the geological background rate and are predicted to increase 10-fold (Pimm et al. 1995) . In response, nature reserves or protected areas are being created worldwide with the objective to protect species and ecosystems from harmful activities of mankind (e.g. Mittermeier et al. 2003) . Furthermore, farmers are increasingly being stimulated to conserve biodiversity through the maintenance of extensive farming systems, the preservation of (semi-)natural landscape features or the extensification of intensive farming systems (Pain & Pienkowski 1997; Kleijn & Sutherland 2003; OECD 2003; American Farmland Trust 2006) . Biodiversity conservation in the wider countryside is also being advocated for pragmatic reasons. Mankind benefits from a range of services provided by nature (Daily 1997) . Agriculture may benefit, for example, from services provided by wild organisms such as pollinators or natural enemies of crop pests (e.g. Rickets et al. 2004; Thies et al. 2005) . Recent studies examining the provision of pollination services provided by wild bees suggest that more diverse communities of pollinators may provide more efficient pollination services and economic benefits (e.g. Kremen et al. 2002; Klein et al. 2003a,b; Albrecht et al. 2007) , and that the provision of these pollination services declines with increasing land-use intensity (e.g. Kremen et al. 2002; Morandin & Winston 2006; Klein et al. 2007) .
While there is ample evidence that biodiversity and related services decline with agricultural intensification, surprisingly little is known about how biodiversity declines with increasing land-use intensity (Kleijn & Sutherland 2003; Green et al. 2005; Mattison & Norris 2005) . Knowing the shape of the relationship between biodiversity and land-use intensity is important for effective biodiversity conservation. If biodiversity declines linearly with land-use intensity, conservation initiatives are potentially equally effective (though not necessarily efficient) along the land-use gradient. Exponentially declining relationships would suggest that conservation efforts on farmland are more effective in extensively used farmland (Kleijn & Sutherland 2003) or even that it is more efficient to segregate conservation from farming (e.g. Green et al. 2005) . Unimodal relationships, often observed in studies linking plant species richness to vegetation productivity (Grace 1999) , would suggest that conservation initiatives are most effective in intermediate parts of the land-use intensity range.
Biodiversity is affected by land use not only at the small spatial scale (e.g. by the use of agrochemicals, grazing intensity, crop rotation), but also at larger spatial scales (e.g. by habitat fragmentation, hydrological changes or atmospheric deposition). Because significant differences in land-use intensity can only be found between countries or geographically distinct regions (MacDonald et al. 2000; Donald et al. 2001) , they are invariably linked to differences in environmental conditions. Studies examining effects of land-use intensity in situ have to account for such differences and will be prone to high levels of environmental noise and low explanatory power of the predictor variables. Nevertheless, such studies are essential as they incorporate the entire array of changes in land use associated with agricultural intensification that would be left out with experimental approaches.
This study uses a dataset linking biodiversity with data on agricultural management on 271 agricultural fields in six European countries. Biodiversity was estimated as species richness of vascular plants and land-use intensity was characterized by nitrogen inputs. The nature of the relationship between nitrogen input and plant species richness was examined separately for grassland fields (130 fields in three countries) and arable fields (141 fields in four countries). First, we tested whether nitrogen input had significant effects on plant species richness across Europe after effects of confounding climatic, geographical and landscape factors had been accounted for. Second, we tested whether curvilinear relationships described the relationship between plant species richness and nitrogen input more adequately than linear relationships. We discuss these findings in the context of optimizing the effectiveness of efforts to conserve biodiversity and related ecosystem services on agricultural lands.
MATERIAL AND METHODS
(a) Data collection Biodiversity was estimated as plant species richness. In 2003, plant species composition was surveyed on arable fields in Germany (cereal fields), Spain (cereal fields) and the United Kingdom (mostly cereals), and on grassland fields in Hungary, Switzerland and The Netherlands. In each country, 14 fields were selected in each of three distinct areas giving a total of 252 fields. In each country, half of the fields were managed less intensively owing to the implementation of agrienvironment schemes (except for Hungary; see Báldi et al. 2005 and Kleijn et al. 2006) , thus increasing the range in land-use intensities sampled in each country. In 2005, an additional 31 fields were surveyed, five cereal fields in Spain, five grassland fields in the Netherlands and 21 cereal fields in Hungary. Cover of each species of vascular plant was estimated in 20 plots of 5!1 m. Ten plots, spaced 5 m apart, were located in and parallel to the field edge, ten more were located similarly in the field centre. Subsequently, relative cover per species and the total number of plant species (i.e. species richness per 100 m 2 ) were determined for each field.
Land-use intensity is the quantity of output obtained per unit of land or time (Turner & Doolittle 1978) . However, often it is used more loosely to refer to the state of agricultural industrialization and characterized by, for example, the level of mechanization or specialization or the amount of inputs used (Donald et al. 2001; Herzog et al. 2006) . In this paper, land-use intensity is used in the latter, more general sense, because management (e.g. N input level, pesticide application rate, cutting frequency) is more likely to be related to biodiversity than yield per se. We used annual nitrogen input per site in kg N ha K1 yr K1 (referred to as N input) as an indicator of land-use intensity. Fertilizer use is generally correlated with yield and other variables characterizing farming (e.g. pesticide use, agricultural population density, cattle density; Donald et al. 2001) and is a key indicator used to analyse trends in farming intensity and potential impacts on the environment (European Commission 2000; Herzog et al. 2006) . Nitrogen input was calculated from applications of fertilizers, as well as from inputs of atmospheric deposition (EMEP Unified model revision 1.7; EMEP 2005), as in western Europe atmospheric deposition is substantial, largely consists of ammonia (Holland et al. 2005) and agriculture produces approximately 90 per cent of the total emission of ammonia to the atmosphere (Misselbrook et al. 2000) . Furthermore, N emission increases with increasing use of N in agriculture (Misselbrook et al. 2000) and most of these emissions are deposited within kilometres from the source. Atmospheric N deposition may therefore be considered as a component of land-use intensity. Data on N fertilizers applied to the study sites were obtained from farmers using questionnaires and were assumed to be typical of site management. Nitrogen input from various types of organic fertilizers was calculated using local tables of N contents.
(b) Controlling for confounding variables Our data were from geographically distinct areas and differences in land-use intensity were correlated with differences in other factors that may affect biodiversity. To make sure that the pattern in plant species richness was due to land-use intensity, rather than some confounding factor, we included a number of biodiversity-related environmental variables (e.g. Hawkins et al. 2003; Hillebrand 2004; Herzog et al. 2005; Tscharntke et al. 2005) in our statistical models: latitude (in decimal degrees), altitude (m above sea level), precipitation (average annual rainfall, in mm, in the months April-September for the years 1961 -1990 New et al. 2002) , temperature (average annual temperature, in 8C, for the months April-September for the years 1961 -1990 New et al. 2002) and landscape diversity. Landscape diversity was calculated as the Shannon index of diversity of six habitat types (grasslands including fallows; arable fields; buildings including farmyards; forests; ditches, streams and rivers; and 'other habitats' consisting of a number of habitats that were typical at the national but not at the international level) located in a circular buffer of 500 m around the centre of each field. The effects of environmental variables on plant species richness will not be discussed in detail as they were solely included in the analyses to correct for possible confounding effects.
(c) Statistical analysis Fields for which data of one or more of the explanatory variables were missing were excluded from the analyses, resulting in a total of 271 fields with complete datasets. To better understand the observed patterns in plant species richness, we also examined the response of species occupying different dominance classes: species with a relative cover of less than 1 per cent (referred to as rare species) and species with relative cover between 1 and 10 per cent (subdominants). Species with relative cover of more than 10 per cent (dominants) ranged in species richness from 0 to only 5 and were therefore not analysed. Relationships were analysed separately for arable fields (nZ141) and grasslands (nZ130).
We used Poisson regression to relate plant species richness to the confounding variables and to N input. Overdispersion in total, rare and subdominant species was accounted for by inflating the Poisson variance by an unknown factor and then using quasi-likelihood to estimate the parameters (McCullagh & Nelder 1989) . We first tested whether all confounding variables should enter the model. To this end, all possible subsets of variables, including N input, were fitted employing a log link. This revealed that the effects of altitude, precipitation and landscape diversity were rarely significant and these variables were therefore excluded from the model. Consequently, latitude and temperature were used as correcting variables in all subsequent analyses. An alternative line of attack is to select the best model using the quasilikelihood Akaike information criterion (QAIC; Burnham & Anderson 1998 ). This approach gave similar results which will not be presented here. In the second step, the relationship with N input was explored. We used Poisson regression with an identity link because we were specifically interested in the question of whether biodiversity is linearly related to land-use intensity. Poisson regression with a log link would not have allowed us to examine the fit of models with a linear relationship between species richness and N input. The linear model was compared with an exponential (br N ) and a critical exponential model ((bCcN) r N , encompassing skewed unimodal relationships), all employing the identity link. In addition, a generalized additive model (GAM; Hastie & Tibshirani 1990 ) was used to model the relationship, now employing the conventional log link. With GAM's, the shape of the curve is dictated by the data alone. It may, therefore, serve as a check to examine whether the shape of the curve was affected by the selection of the parametric models used. The flexibility of a GAM can be expressed by its degrees of freedom, with flexible curves having more degrees of freedom. Forward significance testing at the 5 per cent level was used to examine whether adding a degree of freedom improved the fit of the GAM. All models were fitted using standard facilities in GenStat (Payne et al. 2002) . The models were compared using QAIC.
4. RESULTS (a) Does N input significantly affect plant species richness? Total plant species richness ranged from 19 to 94 species on grasslands and 9 to 94 species per 100 m 2 on arable fields. For grassland species, none of the correcting variables contributed significantly to the fit of the model but N input was significantly negatively related to species richness (table 1) . For arable species, differences in latitude and temperature explained a significant part of the variation (table 1) . After effects of these variables had been accounted for, plant species richness was again highly significantly and adversely related to N input. Rare species (less than 1% cover) made up the large majority of the total number of species with on average 70 per cent (range 9-74 species per 100 m 2 ) and 65 per cent (0-73 species) on grasslands and arable fields. On average, grassland subdominants made up 25 per cent (2-25 species) and arable subdominants 29 per cent (1-35 species) of the total number of species. The negative effects of N input on total plant species richness were mirrored in both the rare and the subdominant species (table 1). Effects of correcting variables were highly significant for rare and subdominant plants of the Biodiversity and land-use intensity D. Kleijn et al. 905 geographically more widely distributed arable fields and for grassland subdominants but not for rare grassland species.
(b) What function describes the species richness-N input relationship best? For total species richness and rare species richness of both grassland and arable plants the best-fitting parametric model used an exponential function to describe the relationship between N input and species richness (table 2, figure 1 ). All had a QAIC that was at least 4.2 lower than the model using a linear function. On grasslands, the most pronounced decline occurred below 30 kg N ha K1 yr K1 , with hardly any decline beyond 35 kg N ha K1 yr K1 . On arable fields, the decline was less rapid and was most pronounced below 100 kg N ha K 1 yr K1 with little change beyond 150 kg N ha K1 yr K1 . The best-fitting parametric models for subdominant grassland and arable plants used a linear and a critical exponential function, respectively, to describe the relationship between N input and species richness (table 2) . For total and rare arable plant species richness, the best-fitting GAM's had two degrees of freedom. They had a better fit (QAIC was at least 6.7 lower) but were very similar in shape compared with the best parametric model (figure 1). For subdominant grassland species, the best GAM had one degree of freedom and was similar both in fit and shape to the best, linear, parametric model (table 2, figure 1 ). The QAIC of the best GAM for subdominant arable plants was 3.4 higher than that of the best parametric model, indicating a worse fit. It suggested an exponentially declining relationship rather than the critical exponential relationship that was produced by the best parametric model. The main difference was the location of the peak in species richness, but both had in common that the most pronounced decline in species richness occurred below 100 kg N ha K1 yr K1 (figure 1). The best-fitting GAM's for total and rare grassland plants had one degree of freedom and described functions that were nearly linear (figure 1). The fit of the best parametric models, using an exponential function, were better however (difference in QAIC was 2.2 and 5.9 for total and rare plant species). Furthermore, for rare grassland species the GAM with two degrees of freedom, producing an exponential relationship between species richness and N input, was marginally significant (table 2).
DISCUSSION
To our knowledge, this is the first study examining the shape of the relationship between biodiversity and landuse intensity. We linked a biodiversity estimate to a management indicator on a large number of agricultural fields across Europe, thereby covering the full range from very extensive to extremely intensive land use. After differences in environmental conditions had been accounted for, we found evidence that plant species richness declined with increasing land-use intensity. Furthermore, we found that exponential functions more accurately described plant species richness than linear or unimodal functions. This implies that effects of land-use change are most pronounced in species-rich extensively Table 2 . The fit of the parametric models with different functions describing the relationship between plant species richness and annual N inputs and of general additive models (GAM's) with different degrees of freedom. (Additional variables included in the model to correct for confounding factors were latitude and temperature ( managed agricultural areas while they have little effect in species-poor intensively managed areas (e.g. Kleijn & Sutherland 2003) . This study used local plant species richness as a biodiversity indicator. Beta diversity, another important biodiversity indicator, was not examined. However, in this dataset, the two measures of species richness were strongly correlated (Kleijn et al. 2006) suggesting that the result was quite robust. Plant species richness is often closely related to the diversity of other species groups (Duelli & Obrist 1998; Siemann et al. 1998 , SteffanDewenter & Tscharntke 2001 . In the fields sampled in 2003, the invertebrate species groups, bees, Orthoptera and spiders, were also surveyed (Kleijn et al. 2006) . Plant species richness was positively correlated with the species richness of all three species groups in both grasslands (rO0.307, p%0.001) and arable fields (rO0.313, p!0.001). Other species groups may, therefore, display similar relationships but further study is needed to confirm this.
In grasslands more than in arable fields, the shape of the relationship between species richness and N input seems to be determined by the upper boundary of the distribution of the data (figure 1). Species-poor grasslands occurred across the entire range of land-use intensities, and the grassland site with the lowest total species richness was in fact an unfertilized field. Restoration of plant species richness on grasslands is notoriously difficult and adverse effects of natural catastrophes or past management may have long-lasting effects (Bakker & Berendse 1999) . Restoration of species-rich arable plant communities is relatively easy (Kleijn & Van der Voort 1997) , and as a result these may more accurately reflect differences in land use between fields. This may explain why the results of the GAM and the parametric model differed for grassland but not for arable species. For grassland plants, the shape of the GAM more than the shape of the parametric model may have been influenced by the large number of fields with low N inputs and low species richness.
Exponentially declining functions gave the best fit for rare species in both grasslands and arable fields (figure 1). Richness of subdominant species declined linearly with increasing N input levels in grasslands and was unimodally related to it in arable fields with peak diversity at very low N input levels. This suggests that rare species are most vulnerable to increasing land-use intensity and is in line with findings of Suding et al. (2005) , who observed that the least abundant species were the most likely to disappear following experimental N fertilization.
Put in a global perspective, our results may overestimate the adverse effects of land-use intensity because not many areas outside north-western Europe are farmed as intensively as some of our study areas (Giampietro et al. 1999) . On the other hand, wildlife in Europe has been exposed to agriculture for a much longer period than wildlife in most areas outside Europe, and a significant proportion of the European flora and fauna is adapted to (extensive) farming practices (Poschlod & Bonn 1998) . European species may, therefore, be more resilient to increases in land-use intensity than species elsewhere, and the adverse effects of land-use intensity on biodiversity may be more pronounced outside Europe.
What are the most important implications of the observed relationships between biodiversity and land-use intensity? First, it suggests that high biodiversity and the associated ecosystem services (e.g. Lyons & Schwartz 2001; Kremen et al. 2002; Albrecht et al. 2007) are largely restricted to areas where land use is very extensive. Second, it provides an explanation for the observation that species of conservation interest are concentrated in areas with low-intensity farming (e.g. Bignal & McCracken 1996) , because richness of rare species declined exponentially with land-use intensity. Third, it indicates that conservation benefits are disproportionally more costly in intensively farmed than in extensively farmed areas, thus corroborating the hypothesis of Kleijn & Sutherland (2003) . For example, for arable plants, reducing N inputs from 75 to 0 kg N ha K1 resulted in about the same estimated species gain as reducing N inputs from 400 to 60 kg N ha K1 yr K1 (figure 1). Of course, N input is not equivalent to land-use intensity (output per unit area or time), and change in N input is not linearly related to change in the costs of implementing changes in agricultural management. However, the financial costs of reducing farming intensity are likely to be higher in high-intensity compared with low-intensity farming systems, for example, owing to higher fixed costs associated with capital investments in the infrastructure (e.g. machinery, buildings, drainage) required for high-intensity farming. This is reflected in the costs associated with the implementation of agri-environment schemes. Agrienvironmental compensations are based on cost incurred and income foregone by the farmer for participating in the agri-environmental measure. Financial compensations for farmers in intensively farmed areas tend to be much higher than those for farmers in agriculturally marginal areas (Buller et al. 2000) .
The results of this study provide a conceptual framework for conservation initiatives on farmland. Initiatives are most (cost-)effective if they are preferentially implemented in low-intensity farming systems that still support high levels of biodiversity. This applies not only at the national level, but also at the international level, and highlights the importance of conservation initiatives on farmland in southern, central and eastern European countries that host some of the most speciesrich farmlands but are severely threatened by abandonment or intensification (Kleijn & Báldi 2005) . However, initiatives in intensively farmed areas should not be excluded if they are targeted at endangered species still inhabiting these landscapes (e.g. Verhulst et al. 2007; Wilson et al. 2007) . Conservationists and policy makers should nevertheless be aware that the measures required to effectively conserve the target species in these landscapes need to more drastically reduce land-use intensity and will therefore be more costly.
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